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Density declines, richness increases, and composition
shifts in stream macroinvertebrates
Samantha L. Rumschlag1,2*, Michael B. Mahon1, Devin K. Jones1,3, William Battaglin4,
Jonny Behrens5, Emily S. Bernhardt5, Paul Bradley6, Ethan Brown1, Frederik De Laender7,
Ryan Hill8, Stefan Kunz9, Sylvia Lee10, Emma Rosi11, Ralf Schäfer9, Travis S. Schmidt12,
Marie Simonin13, Kelly Smalling14, Kristofor Voss15, Jason R. Rohr1

Documenting trends of stream macroinvertebrate biodiversity is challenging because biomonitoring often has
limited spatial, temporal, and taxonomic scopes. We analyzed biodiversity and composition of assemblages of
>500 genera, spanning 27 years, and 6131 stream sites across forested, grassland, urban, and agricultural land
uses throughout the United States. In this dataset, macroinvertebrate density declined by 11% and richness
increased by 12.2%, and insect density and richness declined by 23.3 and 6.8%, respectively, over 27 years.
In addition, differences in richness and composition between urban and agricultural versus forested and grass-
land streams have increased over time. Urban and agricultural streams lost the few disturbance-sensitive taxa
they once had and gained disturbance-tolerant taxa. These results suggest that current efforts to protect and
restore streams are not sufficient to mitigate anthropogenic effects.
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INTRODUCTION
Freshwater systems support an immense fraction of global biodiver-
sity (1) and provide critical ecosystem services to support human
livelihoods and well-being (2). However, despite strong evidence
of declines in freshwater vertebrates (3), little is known about broad-
scale temporal trends in biodiversity of freshwater invertebrate
communities, including insects, and how these patterns vary with
environmental conditions, such as land use. Several gaps in the lit-
erature exist. For example, several studies have documented broad-
scale declines in terrestrial but increases in freshwater, insect
abundance, biomass, and occupancy (4–8). However, most of
these studies have not conducted community composition analyses
to determine which taxa are changing. Composition analyses could
influence how these increases and decreases are interpreted. For in-
stance, overall abundance or biomass increases could reflect prolif-
eration of disturbance-tolerant taxa and actual declines of
disturbance-sensitive taxa (9, 10). In this case, the overall increase
in abundance or biomass should not be interpreted as freshwater
communities recovering from disturbance. Another gap is that
studies proclaiming evidence of an “insect apocalypse” or “insect

Armageddon” have often only shown marked local- or regional-
scale declines in populations of select taxonomic groups of insects
and other invertebrates (11–13). Their limited scopes have made it
challenging to determine the spatial and taxonomic extents of these
declines. Last, some studies have attempted to examine temporal
trends of insects and arthropods over broad temporal, spatial,
and/or taxonomic scopes (14, 15), but these studies present incon-
clusive results because they fail to account for complex sampling
histories inherent to long-term monitoring, including differences
in sampling effort and changes in the abilities of taxonomists to
make identifications over time (16, 17).
Overall, few studies have attempted to use robust approaches to

holistically examine the multiple facets of biodiversity, including
abundance, richness (at sites and within regions), spatial turnover
(β diversity), and composition (18–20) over large temporal, geo-
graphic, and taxonomic scopes while also controlling for sampling
effort and complex sampling histories, and even fewer have exam-
ined how these temporal trends vary across land use (21). Address-
ing these gaps is a critical first step to gain a nuanced understanding
of how freshwater communities are changing across space and time
in the face of immense human-induced alterations to environmen-
tal conditions, which could inform policy aimed at conserving and
restoring freshwater systems.
With thousands of sites across the contiguous United States and

standardized methods used for nearly three decades (1993 to 2019),
U.S. federal biomonitoring programs of stream macroinvertebrate
assemblages provide unique datasets capable of addressing these
gaps (22, 23). Monitoring programs included six U.S. Environmen-
tal Protection Agency (EPA) national projects and 64 U.S. Geolog-
ical Survey (USGS) national and regional projects (table S1).
Overall, we compiled data from 3914 unique EPA and 2217
unique USGS wadeable stream sites, which included >500 macro-
invertebrate genera. Using these data, we derived site-level total
density and α (the number of genera at sites), region-level ᾱ (the
average number of genera at sites within ecoregions), γ (the total
number of genera within ecoregions), and β (the spatial turnover
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of genera among sites within ecoregions) diversity metrics for mac-
roinvertebrate communities, identified to genus (Fig. 1 and figs. S1
and S2). Steps were taken to account for differences in sampling lo-
cations and methods, differences in identification methods of spec-
imens, changes in taxonomy through time, and abilities of
taxonomists to make genera-level identifications, among other
factors (see Materials and Methods and fig. S2). Given the pivotal
role that insects play in ecosystem services of freshwater systems (24,
25), we also conducted analyses on insects alone to determine
whether insects showed similar or different trends compared to
all macroinvertebrates.
Our objectives were as follows: (i) to assess how total densities

and α as well as ᾱ, γest, and β diversities changed over time; (ii) to
evaluate how these trends in biodiversitymetrics varied across dom-
inant land uses; and (iii) to determine the taxa driving the biodiver-
sity patterns by examining how community composition changed
with land use through time. Given the large-scale benefits to
water quality initiated by the Clean Water Act in the United
States beginning in 1972 (26) and increases in freshwater insect
abundance, biomass, and occupancy found in North America and
elsewhere (4, 8, 27, 28), a reasonable prediction is recovery of com-
munities from historic disturbance and pollution, namely, differen-
tiation of communities and increases in total densities; α, ᾱ, and γest
diversity; and genera sensitive to habitat disturbance. Alternatively,
given sustained anthropogenic modification of freshwater habitats,
increases in the U.S. human population, and climate change, a de-
fensible alternative prediction is continued degradation of stream
ecosystems, which could include homogenization of communities
and decreases in total densities; α, ᾱ, and γest diversity; and
genera sensitive to habitat disturbance. Regardless of whether we
observed recovery or degradation of communities, we expected
these temporal trends to vary with land use; we expected improve-
ments or less severe degradation for forest/wetland and grassland/
shrub streams, compared to agricultural and urban streams. Fur-
thermore, given that the Clean Water Act targets urban point
sources of pollution and categorically excludes agricultural

streams, we expected more improvements or less severe degradation
of communities in urban than agricultural streams.

RESULTS AND DISCUSSION
Overall, our study supports two major conclusions. First, over the
past 27 years, streams across the United States have seen a decrease
in the total density of macroinvertebrates and an increase in α diver-
sity, while other diversity metrics have not appreciably changed.
Second, existing differences in richness and composition between
streams draining forest/wetland and grassland/shrub versus urban
and agriculture have gotten larger over time. Urban and agricultural
streams have lost the few disturbance-sensitive taxa they once had
and have gained disturbance-tolerant taxa, which have led to urban
stream communities becoming more similar to each other through
time. These conclusions are explored in additional detail below.
In streams across the United States, the total density of macro-

invertebrates decreased and α diversity at sites increased, while ᾱ
diversity, γest diversity, and β diversity did not change significantly
(Fig. 2, fig. S7, and table S2). At the site-level, macroinvertebrate
density declined by 11.0% and richness (α) increased by 12.2%
over 27 years. To qualitatively evaluate how much change in α
was a product of changes in density (29), we also generated α
without rarefication, which also increased (fig. S7 and table S2). To-
gether, decreasing density and increasing rarefied and nonrarefied
richness suggest that changes in α through time are a function of
changes in the shape of genera abundance distributions within
ecoregions and increasing evenness of communities through time.
Insects alone decreased by 23.3% in density and 6.8% in richness (α)
over 27 years, while γest and β diversities did not change (table S3
and fig. S8). Increases in macroinvertebrate and decreases in insect
richness (α) indicate that increases in macroinvertebrate richness
are due to a proliferation of noninsect macroinvertebrates. Decreas-
es in densities of freshwater macroinvertebrates and insects and de-
creases in insect richness align with other studies that suggest
widespread declines of insects in terrestrial ecosystems (4–7).

Fig. 1. The spatial distribution of sites within ecoregions that were used to calculate site-level biodiversity metrics (total densities and α diversity) and regional
biodiversity metrics (ᾱ, γest, and β diversities). We used a newly derived dataset that combines 27 years of standardized stream macroinvertebrate monitoring con-
ducted by the EPA and USGS. For an additional detailed map, see fig. S1.
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These trends could support either declines in most genera or shifts
in composition with some genera increasing and others decreasing,
as shown in other systems (30–33). Decreasing densities and no
change in γ diversity stand in contrast to other recent analyses, sug-
gesting increases in biomass and abundance of freshwater insects
(in North America from 1990 to 2018) (4) and increases in occu-
pancy of freshwater macroinvertebrates (in the United Kingdom
from 1990 to 2015) (8). To make our results more comparable
with previous studies, we also examined trends in density of all mac-
roinvertebrates, not only those identified to genera; these results
showed no change in density across time (fig. S8 and table S2). Con-
trasting results could be due to the following reasons. Previous
studies either had relatively limited spatial coverage (8) or relatively
few or spatially clustered sites (4, 8), which suggests that their results
might not truly be representative of their focal region. In contrast,
EPA sites, which make up most of our sites, are randomly selected
using a probability-based sampling design to ensure that they are
representative of streams across the United States. Alternatively,
some studies (8) are focused on an entirely different region of the
world, where environmental conditions or differences in assem-
blages could result in different trends. In addition, previous
studies included a wide range of freshwater habitats (4, 8), while

we only examined wadable streams, which could have selected for
different environmental conditions or assemblages. Whereas our
study included entire macroinvertebrate assemblages, previous
studies (4) also included trend estimates from population-level
studies, which can lead to poor coverage of the entire assemblage
and introduce variation in trend estimates (30). Some previous
studies (4) also included trends following restoration efforts,
which could have led to bias in finding increasing temporal
trends. In addition, previous studies (4, 8) combining datasets fail
to account for differences in complexities in sampling methodolo-
gies (e.g., sampling area and proportion of sample identified) or the
ability of taxonomists to make identifications. We have shown that
the sampling area and proportion of the sample identified can
change through time even in standardized biomonitoring
program and are correlated with total density (figs. S4 and S5),
and controlling for improvements in taxonomic identifications
can even flip the macroinvertebrate density trends from increasing
to declining (fig. S13). Moreover, while extracting slopes from indi-
vidual studies accounts for variation in these factors across studies
(4), it fails to account for variation of these factors within studies
across time, and combining slopes or effect sizes from individual
studies relies on the potentially invalid assumption of equal

Fig. 2. Temporal biodiversity trends of macroinvertebrate communities. Trends show (A) decreases in total density of macroinvertebrates identified to genus [con-
ditional coefficient of determination (R2), 0.81; marginal R2, 0.77; F(Year), 8.4; P(Year), 0.004], (B) increases in α diversity [conditional R2, 0.68; marginal R2, 0.34; χ2 (Year),
68.0; P(Year), <0.0001], and no change in (C) γest diversity [conditional R2, 0.82; marginal R2, 0.05; F(Year), 0.7; P(Year), 0.424] or (D) β diversity [conditional R2, 0.72;
marginal R2, 0.03; F(Year), 1.0; P(Year), 0.344]. Here, greater values of β diversity specify increasingly similar communities. Additional statistical output provided in
table S2. Ecoregion abbreviations provided in Fig. 1.

Rumschlag et al., Sci. Adv. 9, eadf4896 (2023) 3 May 2023 3 of 9

SC I ENCE ADVANCES | R E S EARCH ART I C L E
EMBARGOED UNTIL 2:00 PM US ET WEDNESDAY, 03 MAY 2023



weight given that some datasets might be more or less prone to
finding temporal changes.
These changes in quantities of biodiversity and composition

vary with land use in two ways. First, regardless of time, urban
and agricultural streams generally have less biodiversity and fewer
disturbance-sensitive andmore disturbance-tolerant taxa compared
to forest/wetland and grassland/shrub streams. Urban and agricul-
tural stream sites, on average, had fewer genera compared to all
other land use types (urban, 19.1; agriculture, 21.3, versus forest/
wetland, 23.2; grassland/shrub, 22.0 genera; pairwise comparisons
of urban versus other land use types, t ratio ≥ 12.658, P ≤ 0.001;
Fig. 3B). Regardless of time, forest/wetland and grassland/shrub
streams hadmore disturbance-sensitive taxa [Ephemeroptera (may-
flies), Trichoptera (caddisflies), Plecoptera (stoneflies), and Mega-
loptera (alderflies, dobsonflies, and fishflies)] and fewer taxa
tolerant to disturbance (e.g., Chironominae and Orthocladiinae
flies) than agricultural and urban streams (Fig. 4) (10, 34). Here,
we refer to tolerance to a range of conditions including water
quality, pollution, water temperature, and stream flow.

Second, through time, these existing differences in richness and
composition have grown substantially larger. Macroinvertebrate γest
diversity in urban streams tends to decrease through time, while, in
contrast, γest diversity of all other land use types increases (pairwise
comparisons of slopes of urban versus all other land use types, t
ratio ≥ 2.39, P ≤ 0.02; Fig. 3C and table S4). Within ecoregions,
urban lost 0.23 genera per year (6.21 genera over 27 years), respec-
tively, while agricultural, forest/wetland, and grassland/shrub
streams gained 0.24, 0.36, and 0.53 genera per year (6.48, 9.72,
and 14.31 genera over 27 years), respectively.
These differences in richness within ecoregions between streams

draining less human-modified land uses and more human-modi-
fied land uses were driven by the loss of the few existing sensitive
taxa present in early years and the proliferation of more tolerant
taxa in urban and agricultural streams. Genera in sensitive groups
(Ephemeroptera, Trichoptera, Plecoptera, and Megaloptera) likely
decreased, while genera within tolerant groups (Chironominae
and Orthocladiinae) likely increased (Fig. 3C). For urban streams,
these changes led to homogenization of communities (Fig. 3D). The

Fig. 3. Temporal biodiversity trends of macroinvertebrate communities across dominant land use types. There was (A) no variation in total density across land use
types [conditional R2, 0.81; marginal R2, 0.77; F(Year), 0.7; P(Year), 0.418; F(Land use), 0.4; P(Land use), 0.748; F(Year*Land use), 0.4; P(Year*Land use), 0.717], (B) lower α
diversity in urban streams than all other land use types [conditional R2, 0.63; marginal R2, 0.36; χ2 (Year), 6.5; P(Year), 0.011; χ2 (Land use), 65.7; P(Land use), <0.0001; χ2

(Year*Land use), 9.4; P(Year*Land use), similar different 0.024], (C) decreases in γest diversity for urban streams, no change for agricultural streams, and increases for forest/
wetland and grassland/shrub [conditional R2, 0.74; marginal R2, 0.68; F(Year), 2.7; P(Year), 0.103; F(Land use), 1.3; P(Land use), 0.299; F(Year*Land use), 4.7; P(Year*Land
use), 0.003], and (D) urban stream communities homogenize through time, although these trends did not vary significantly in comparison to other land use types
[conditional R2, 0.43; marginal R2, 0.28; F(Year), 0.02; P(Year), 0.878; F(Land use), 0.5; P(Land use), 0.655; F(Year*Land use), 2.0; P(Year*Land use), 0.111]. Additional stat-
istical output is provided in table S4.
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largest differences in β diversity trends occurred between commu-
nities in grassland/shrub streams and in urban streams (pairwise
comparison of slopes of grassland/shrub versus urban, t ratio =
−2.201, P = 0.03). Similarly, analyses on insects alone showed that
insect communities diverged through time according to land use
(tables S5 and S7 and figs. S9 and S10).
Interesting questions emerge concerning the drivers of decreas-

es in total densities of macroinvertebrates and the divergence in bi-
odiversity and composition among streams with more and less
anthropogenic modification. We hypothesize that decreases in
total densities in all streams may be in response to rising water tem-
peratures (35) and more frequent hydrologic disturbances (e.g.,
flashier hydrograph and altered channel morphology) (36) that
are observed across North America as a result of climate change.
We hypothesize that divergence in community composition
among streams with less and more anthropogenic modification
could be caused by additive or synergistic effects among rising tem-
peratures, hydrologic disturbances, and poor water quality, includ-
ing high nutrients, salts, suspended solids, and anthropogenic
chemical contamination (37, 38).While rising temperatures and hy-
drologic disturbance are likely increasing in all streams across the
nation, poor water quality and chemical contamination are more
likely at streams within urban and agricultural regions compared
to forest/wetland and grassland/shrub regions. Future studies will
test these hypotheses.
Despite decades of regulatory and management actions aimed at

reducing freshwater contaminants and restoring freshwater habitat,
we observe continued degradation of the communities in urban and
agricultural streams and no evidence of widespread recovery of

sensitive aquatic taxa across U.S. stream networks. Our results
suggest that current legislation and conservation and restoration
land use practices (39) have not been enough to stem the pressures
on these communities. Without protections for stream communi-
ties, especially those in anthropogenically modified habitats, they
likely will continue to degrade and perhaps lead to a loss of ecosys-
tem functions and services.

MATERIALS AND METHODS
Data management
We derived site-level density and α and region-level ᾱ, γ, and β di-
versity metrics for macroinvertebrate communities, within the
orders Arthropoda, Mollusca, and Annelida, using data from
federal biomonitoring programs in the United States that spanned
27 years, from 1993 until 2019 (Fig. 1 and figs. S1 and S2). These
programs included six U.S. EPA federal projects and 64 USGS
federal and regional projects (table S1). We refer to EPA and
USGS as two agencies. Overall, the dataset was based on 3914
unique EPA sites and 2217 unique USGS sites. Regions used in
the present analyses are ecoregions, which are areas of grossly
similar environmental characteristics, such as climate, vegetation,
soil type, and geology, as defined by the EPA National Aquatic Re-
source Surveys.
Before the calculation of diversity metrics, reproducible site by

genera matrices was generated using data management techniques
to account for methodological variation among programs and
across space and time. The focus of data management was to
account for differences in sampling methods (e.g., habitat types,

Fig. 4. Partial distance-based redundancy analysis (accounting for agency, ecoregion, and improvements in taxonomic identification) demonstrating that
composition of macroinvertebrate communities has changed differentially through time according to land use. (A) Plot of model predictors showing the additive
and interactive effects of land use and year. Individual points and circles are the centroids and 95% confidence intervals of ecoregion-year combinations according to
dominant land use. (B) Corresponding vector overlay of model responses. Individual vectors are either families for all non-chironomid macroinvertebrates or subfamilies
for chironomids. As shown in the legend, non-chironomid macroinvertebrate vectors are colored by order, and chironomid vectors are colored by family. Vectors with
lengths less than 0.3 have been excluded. In both plots, the black circles correspond to vector lengths that would have a correlation coefficient of one with each axis. The
entire dbRDA model explains 44.6% of the variance. Additional statistical output included in table S6.
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sampling techniques, and equipment) according to program, differ-
ences in identification methods of specimen according to program,
changes in taxonomy across time, and ambiguously identified
genera (e.g., specimen identified as genera A/genera B, or not iden-
tified to genera). In addition, we accounted for improvements in the
abilities of taxonomists to make identifications of macroinverte-
brate genera within our statistical models (see the “Statistical anal-
yses” section).
To account for differences in sampling methodologies, first, we

selected only sites that occurred in wadeable streams so that habitat
type was comparable across sites. For USGS sites, only “main-body
component” samples were included. Main-body component
samples are a portion of the total field sample defined by USGS
methods (40). In addition, to account for differences in sampling
techniques and equipment, the following method codes for sam-
pling events were selected: BERW, IRTH, SWAMP, EMAP,
CDPHE, and PNAMP. Previous studies have suggested that these
methods, which use similar mesh sizes, are comparable in their
ability to detect the presence and absence of taxa (41–43). Only
area-limited sample data were used. Next, given that differences
in methodologies or personnel in the identification of specimens
by EPA and USGS could still have led to differences in the
number of genera identified within families, only genera that were
identified by both EPA and USGS programs were included in
analyses.
Across the time span of our dataset, the taxonomy of many

species changed. In cases in which a specimen was identified to
species, we were able to update the genus designation from the
bench identification to the now used genus names. In other cases,
a given specimen was only identified to genus at the bench, and only
some species within the given genus were moved into a new genus.
This scenario prevented us from being confident in the identity of
the current genus of the given specimen. In those cases, we created
complexes of genera by combining all possible current genera of the
given specimen. This approach prioritized retaining observations of
specimens by giving a unified name (e.g., genus1/genus2/genus3) to
a complex of genera that have been linked through changes in tax-
onomy through time. There was no inflation of the number of
genera with this approach given that individual genera (e.g.,
genus1) never appeared outside of the unified genera name (e.g.,
genus1/genus2/genus3). Within the combined EPA and USGS
dataset, 98 genera existed that were linked through changes in tax-
onomy through time. The approach described above reduced these
98 genera to 13 complexes of genera. All but two complexes of
genera were composed of two individual genera. A single complex
of genera within the Ephemeroptera order included 70 individual
genera, and a second complex of Ephemeroptera genera included
six individual genera. There were a total of 528 genera included in
the dataset after groupings were applied.
Other specimens were not identified to genera or were ambigu-

ously identified. In the cases in which a specimen was identified to
family or another high level of biological organization, the specimen
was dropped from further analyses. In other cases, a specimen was
identified at the bench with multiple species or genera names (e.g.,
species1/species2 or genus1/genus2). In cases in which the com-
bined species name was in the same genus, the classification was
simply rolled up to genus. Some instances of combined genera
names were not consistent between EPA and USGS. Therefore,
USGS could contain a specimen identified as genus1/genus2,

while EPA included instances of separate identifications of genus1
and genus2. To ensure consistency between the programs, we
renamed all single instances of genus1 and genus2 to genus1/
genus2 throughout the combined EPA and USGS dataset.
Once these data management steps were taken, we calculated

total densities of macroinvertebrates at sites, α diversity, the
number of genera at sites, and region-level biodiversity metrics in-
cluding ᾱ diversity, the average number of genera across sites within
a given ecoregion; γest diversity, the total number of genera estimat-
ed between 70 and 80% of sample coverage; and β diversity, a metric
of homogenization defined as 1 − proportional β diversity (1 – ᾱ/
γest), which simplifies to ᾱ/γest. β diversity is the proportion of
genera in an ecoregion that is contained within an average site
(fig. S2). We chose this metric of β diversity because it is indepen-
dent of ᾱ diversity (44), meaning that the value of β diversity for a
given ecoregion was not influenced by the ᾱ diversity within that
same ecoregion. We chose 70 to 80% sample coverage to balance
the exclusion of experimental units that could not generate an esti-
mate between 70 and 80%with completeness of the sample coverage
estimate.
Some sites were spatially subsampled at multiple stream reaches,

and some sites were sampled multiple times in a given year. In cal-
culating total density, we randomly subsampled a single stream
reach for each site. Statistical models of density included a nonin-
teger predictor of time, including year, month, and day (see the
“Statistical analyses” section), so temporal samples were kept inde-
pendent. In calculating region-level diversity metrics, we combined
the presence and absence of genera at multiple stream reaches and
multiple sampling events in a given year within a given site. There-
fore, each observation in the dataset before region-level diversity
metrics were calculated corresponded to a single site per year. Stat-
istical models of region-level diversity metrics included an integer
predictor of year (see the “Statistical analyses” section).
To calculate total density of macroinvertebrates at all sites, we

calculated sample abundance and then divided sample abundance
by total area sampled. Sample abundance was calculated as the
number of individual organisms identified divided by the propor-
tion of the total sample identified. For EPA samples, the proportion
of the total sample identified was provided. For USGS sites, the pro-
portion of the total sample identified was calculated as the labora-
tory subsampling ratio multiplied by the field split ratio. The
laboratory subsampling ratio was the proportion of the laboratory
samples that had all individuals identified. The field split ratio
was the proportion of the field sample that was brought to the lab-
oratory. We dropped sites with a very low proportion of the sample
identified (<0.055) and very low or high area sampled (<0.05 and >5
m2) because of high error associated with scaling these subsamples
to whole samples and densities.
Sampling effort varied at two spatial scales, which influenced

how diversity metrics were calculated. First, the number of speci-
mens identified in each sampling event varied across sites. In addi-
tion, we lacked information on a standard target of individuals
within sampling events for some USGS sites, so it was not possible
to knowwhether a given sample had few individuals because the site
had poor total abundance or because the sampling event used a low
target number of organisms. Target counts for EPA sites were typ-
ically 500. Given the common relationship between the number of
genera and the number of organisms sampled within sites, we ac-
counted for differences in the number of specimens identified in the
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calculation of ᾱ and γest diversity metrics using rarefaction. After
accounting for laboratory subsampling ratios, we dropped sampling
events that included fewer than 300 individuals (21.2% of all sam-
pling events), and we randomly subsampled sampling events to 300
individuals. We set this rarefaction threshold at 300 to balance the
number of samples retained in the dataset with the average number
of genera added to sites (fig. S3). We did not rarefy samples at the
site level in the calculation of total densities because of the likeli-
hood that rarefying would exclude sites with low total densities
that were a product of disturbance or natural variation.
Second, the number of sites varied across ecoregions and years.

Given the relationship between total number of genera within ecor-
egions and number of sites sampled, we accounted for these differ-
ences in the number of sites within ecoregions and years using
sample-based coverage estimates of γ diversity (45). The γest diver-
sity was estimated using sample coverage, a measure of sample com-
pleteness from genera-accumulation curves, with the estimateD
function in the iNEXT package in R (46). Initially, we set a target
of 75% sample coverage. However, most estimates fell within 70
and 80% of sample coverage, so in an effort to include as many ecor-
egion-year combinations as possible and to balance concerns about
the accuracy of γest diversity, we excluded ecoregion-year combina-
tions that had too few sites to estimate γest within 70 to 80% of
sample coverage, and we extracted 95% confidence intervals for
each γest and used these error measurements as weights in statistical
models (see next section).

Statistical analyses
We first sought to evaluate how site-level total density; site-level α
diversity; and region-level ᾱ, γ, and β diversities of macroinverte-
brate communities changed over time using linear mixed-effects
models. In the models of site-level total density and α diversity,
the response was log-transformed total density of macroinverte-
brates or number of genera, and the predictors were proportion
of the sample identified, proportion of specimen within samples
identified to genus, area of the sample, year (as a noninteger, incor-
porating year, month, and day of sampling), ecoregion, agency, the
interaction of year and ecoregion, the interaction of ecoregion and
agency, and a random effect of site. The proportion of the sample
identified and the area of the sample were covariates to account for
residual correlation with time and total density (figs. S4 and S5).
The proportion of specimen within samples identified to genus ac-
counted for improvements in the ability of taxonomists to identify
specimen through time (fig. S6). The interaction of year and ecor-
egion allowed the effects of time to vary across ecoregions but
remain consistent among agencies. The interaction of ecoregion
and agency allowed the intercepts of ecoregion-year trends to
vary. Our impetus was to generate ecoregion-level trends across
agencies to test the hypothesis that densities change through time.
At the same time, we wanted the intercepts to vary to account for
agency-level differences in densities.
In region-level analyses of temporal changes in ᾱ diversity, the

response was ᾱ diversity, the average number of genera across
sites within ecoregions, and the predictors were a fixed effect of
year (as an integer), proportion of specimen within samples identi-
fied to genus, a random slope of year across ecoregions, and a
random intercept term for ecoregion-agency combinations.
Similar to the density model, our impetus was to generate ecore-
gion-level trends across agencies to test the hypothesis that ᾱ

diversity changed through time. At the same time, we wanted the
intercepts to vary to account for agency-level differences in ᾱ diver-
sity. To evaluate temporal changes in γest and β diversity, models
had identical predictors compared to the ᾱ diversity model. In ad-
dition, models of γest and β diversity included weights for error es-
timate of γest. Weights were the inverse of the 95% confidence
interval for γest, standardized to the mean.
Next, we evaluated how temporal trends in site-level total

density; α diversity; and region-level ᾱ, γ, and β diversities of macro-
invertebrate communities varied according to dominant land use
using mixed-effects models. First, we joined site-level macroinver-
tebrate community data to proportion land use within catchments
from NLCD using EPA StreamCat data in R (47). Sites were tempo-
rally matched to the closest year of available NLCD data. Several
similar NLCD land use categories were combined to create four ag-
gregate categories: (i) forest/wetland, (ii) grassland/shrub, (iii) agri-
culture, and (iv) urban. We combined forest and wetland land uses
to represent relatively less disturbed, highly moist habitats.We com-
bined grassland and shrub land uses to represent relatively less dis-
turbed, arid habitats. Agriculture and urban land uses represented
relatively disturbed habitats. Forest/wetland included deciduous
forest, coniferous forest, mixed forest, woody wetlands, emergent
herbaceous wetlands, and open water. Grassland/shrub was
barren land, shrub/scrub, and grassland/herbaceous. Agriculture
included pasture/hay and cultivated crops, and, lastly, urban was
open-space–, low-intensity–, medium-intensity–, and high-intensi-
ty–developed. Then, we assigned a dominant land use category to
each site, which was the maximum proportion land use type within
catchments. Sites assigned forest/wetland, grassland/shrub, agricul-
ture, and urban were between 31.2 and 100%, 35.4 and 100%, 32.4
and 99.3%, and 28.8 and 100% of their respective land use type
within the catchment. Last, we recalculated ᾱ, γest, and β diversities
within ecoregions, agencies, and dominant land use categories, as
previously described. We dropped ecoregion, agency, land use cat-
egories with too few sites to estimate γ between 70 and 80% sample
coverage.
To evaluate how temporal trends in site-level α diversity and

density vary with dominant land use, we fit a model with log-trans-
formed total density as the response, and the predictors were pro-
portion of the sample identified, proportion of specimen within
samples identified to genus, area of the sample, year (as a nonin-
teger, incorporating year, month, and day of sampling), ecoregion,
agency, land use, the interaction of year and ecoregion, the interac-
tion of ecoregion and agency, the interaction of year and land use,
and a random effect of site. In region-level analyses of temporal
changes in ᾱ diversity by dominant land use, the response was ᾱ di-
versity, and the predictors were the fixed effects of year, proportion
of specimen within samples identified to genus, land use, agency,
and the interaction of year and land use; the random effects includ-
ed a random intercept of year across ecoregion and land use com-
binations and a random slope of agency across ecoregions. To
evaluate how temporal changes in γest and β diversity varied with
land use, we fit models with the same predictors compared to the
ᾱ diversity model. In addition, models of γest and β diversity includ-
ed weights for error estimate of γest. Weights were the inverse of the
95% confidence interval for γest, standardized to the mean. Prelim-
inary analyses with generalized additive models revealed that tem-
poral trends in biodiversity metrics both with and without land use
were not significantly nonlinear. We checked plots of the
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relationship between observed and model predicted values, which
indicated a good correlation for both the region-level analyses
(fig. S11) and the land-use analyses (fig. S12). We also checked
model assumptions via residual and q-q plots, which indicated no
major violations of model assumptions.
Next, we sought to determine which taxa were responsible for

differences in temporal region-level biodiversity trends among
land use categories. We used a partial distance-based redundancy
analysis (partial dbRDA), a constrained ordination technique on a
community similarity matrix that accounts for variation in the com-
munity matrix attributed to one or more conditional variables
before performing the dbRDA (21). The multivariate response
was a presence/absence matrix of either families for all non-chiron-
omid macroinvertebrates within ecoregions or subfamilies for all
chironomids within ecoregions. We dropped taxa that occurred in
only one or two land use–ecoregion–year combinations. Chirono-
mids were assessed at the subfamily level because of their immense
diversity relative to other macroinvertebrate families. We omitted
the mayfly families Baetidae, Caenidae, Potamanthidae, Ephemer-
ellidae, Baetiscidae, Polymitarcyidae, Leptophlebiidae, Heptagenii-
dae, and Ephemeridae from analyses because of changes in
taxonomy (see above). Therefore, our approach to lumping
genera with linked taxonomy prevented accurate estimation of the
presence and absence of these mayfly families within ecoregions.
Because of this exclusion, we cannot discern how these mayfly fam-
ilies are contributing to changes in composition. The response in
the partial dbRDA was based on Sorenson similarities of this pres-
ence-absence matrix. We modeled the community response as a
function of year (as a continuous variable), land use, and their in-
teraction after accounting for the conditional variables of agency,
ecoregion, and a categorical variable that was early (1993 to 2004)
and late (2005 to 2019) time within our dataset. Because genera
within the orders Trombidiformes and Arhynchobdellida only ap-
peared in our dataset after 2004 because of improvements in taxo-
nomic identifications (fig. S6), we accounted for this artifact by
including the conditional variable of early/late time. Significance
of year, land use, and their interaction was determined using a per-
mutation test, with 9999 permutations of the residuals after the
effects of agency and ecoregion removed.
Last, all analyses were run with insects alone to determine

whether benthic insects showed similar or different trends com-
pared to benthic macroinvertebrates. We examined (i) how trends
in biodiversity (total density and ᾱ, γest, and β diversity) differed
across time, (ii) how temporal trends in biodiversity varied with
land use, and (iii) how composition varied across time and land
use. Statistical methods for these analyses were identical to those
described above for all benthic macroinvertebrates.

Supplementary Materials
This PDF file includes:
Tables S1 to S7
Figs. S1 to S13
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